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Sorption and transport of Escherichia coli 
CN‑13 in saturated sand columns amended 
with biochar derived from malt spent rootlets
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Abstract 

Pathogenic microorganism transport through sandy soils and engineered sand filtration systems represents a signifi-
cant groundwater contamination risk; biochar amendment of these media offers a sustainable retention strategy. This 
study investigated the sorption and transport of Escherichia coli (E. coli) CN-13 in saturated sand columns amended 
with biochar derived from malt spent rootlets (MSRB) pyrolyzed at 850 °C. Batch experiments were conducted 
to quantify inactivation and adsorption kinetics under varying ionic strengths (1 and 150 mM KCl). E. coli inactivation 
was best described by the Weibull model, while adsorption kinetics and isotherms followed the pseudo-first-order 
(PFO) and Freundlich models, respectively. Increasing ionic strength was found to hinder adsorption capacity, likely 
due to electrostatic shielding and increased competition for active sorption sites. Column transport experiments 
demonstrated that amending sand with MSRB significantly enhanced bacterial retention, with removal efficiencies 
increasing from 17.8% in unamended sand to 94.1% in sand containing 10% (w/w) biochar. Numerical modeling 
using the one-dimensional biocolloid transport equation (1D-BTE) revealed that while physical straining dominated 
removal in unamended and 5% biochar columns, direct attachment became the governing mechanism at 10% 
biochar application rate. The attachment of bacteria to MSRB was found to be irreversible. These results indicate 
that MSRB is a promising low-cost amendment for enhancing pathogen retention in sandy porous media, with direct 
relevance to engineered sand filtration and applications in agricultural sandy soils, while simultaneously addressing 
brewery waste disposal challenges.

Highlights 

•	 Sand with 10% malt spent rootlets biochar achieved 94.1% E. coli removal.
•	 Biochar shifted E. coli retention mechanism from physical straining to direct attachment.
•	 E. coli sorption was irreversible, following pseudo-first-order kinetics and Freundlich isotherm behavior.
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Graphical Abstract

1  Introduction
The application of animal or human fecal materials to 
soil for agricultural purposes and their downward per-
colation through the vadose zone via irrigation or pre-
cipitation events toward aquifers result in groundwater 
contamination, which constitutes a worldwide public 
health concern (Bagordo et  al. 2024). Historical evi-
dence shows that numerous epidemic outbreaks have 
been attributed to waterborne pathogenic microorgan-
isms derived from fecal contamination of groundwater, 
with an estimated one million people dying annually 
from diarrheal diseases linked to poor sanitation and 
unsafe water in domestic settings (Wolf et  al. 2023). 
The fate and transport of pathogenic microorganisms 
in subsurface environments are governed by a complex 
interplay of physicochemical processes that depend on 
soil properties, including soil structure, texture, water 
saturation, ionic strength, pore-size distribution, sur-
face charge, and organic carbon content (Masciopinto 
and Fadakar Alghalandis 2023; Singer et al. 2025).

Biochar, defined as the charred organic matter pro-
duced through pyrolysis of biomass under oxygen-limited 
conditions, has emerged as a promising and sustain-
able sand filtration system amendment for mitigating 
the transport of pathogens. The application of biochar 
to soil affects microorganism mobility through modifica-
tion of the physicochemical properties of the soil matrix 
and enhancing direct sorption and retention of microor-
ganisms owing to the biochar’s high specific surface area 
(SSA) (Zeng and Kan 2023). Beyond the biochar’s role in 
pathogen mitigation, its high carbon content and chemi-
cal stability have generated considerable interest in its use 
for atmospheric carbon sequestration (Lehmann et  al. 
2006) and the reduction of greenhouse gas emissions (Jha 
et al. 2010). Biochar amendments have been increasingly 
adopted in agriculture because of their dual environmen-
tal and agronomic benefits associated with improved soil 
fertility and crop productivity resulting from increased 
soil water-holding capacity, enhanced nutrient avail-
ability, improved soil structure, and increased cation 
exchange capacity (Jia et al. 2023; Li et al. 2024).
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Despite the growing body of research on biochar’s 
capacity to retain nutrients, heavy metals, and pesticides 
in soil, knowledge remains limited regarding how biochar 
affects microbial transport behavior in saturated porous 
media and the relative contribution of the underlying 
physicochemical mechanisms governing these interac-
tions. The available literature on biochar-microorganism 
interactions converges on several key findings regarding 
the factors controlling biochar’s effectiveness in retain-
ing bacterial cells. The pyrolysis temperature at which 
biochar is produced and the associated pyrolysis duration 
represent critical determinants of its bacterial removal 
capacity, as they affect the biochar’s SSA, physicochemi-
cal properties, pore structure morphology, and surface 
functional groups (García-Ávila et  al. 2023). Biochar 
produced at elevated temperatures (700–800  °C) and/
or through slow pyrolysis is typically characterized by 
increased SSA compared to biochar produced at lower 
temperatures and/or through fast pyrolysis procedures 
(Abit et al. 2012, 2014; Bolster and Abit 2012; Bui et al. 
2024; Kazemi Shariat Panahi et  al. 2020; Manariotis 
et al. 2015). The feedstock type also influences bacterial 
retention capacity, with animal-based biochars gener-
ally exhibiting superior bacterial removal compared to 
plant-derived biochars, likely due to differences in ini-
tial biomass composition, lignin content, and thermal 
decomposition pathways (Downie et al. 2012).

Bolster (2019) studied the bacterial retention in sand 
filters amended with biochar derived from pine softwood 
and determined that biochar addition can enhance bacte-
rial retention by up to 5 orders of magnitude through the 
direct attachment mechanism, but results vary depend-
ing on the bacterial strain and sand size. Increasing 
biochar concentration from 0 to 15% (v/v) had a larger 
impact on retention of the more hydrophobic bacteria. 
Similarly, Abit et  al. (2012) and Bolster and Abit (2012) 
reported that application of biochar derived from poultry 
litter and pine chips at rates of 2% to 10% (w/w) achieved 
substantial reductions in bacterial transport, ranging 
from 3 to 5 orders of magnitude. The presence of natu-
ral organic matter or compost can substantially increase 
bacterial mobilization by competing for sorption sites on 
biochar surfaces, effectively exhausting available attach-
ment sites through interactions with dissolved organic 
matter (Mohanty and Boehm 2014). Soil textural prop-
erties also play a significant role, with bacteria recovery 
from clay or loam-textured sands being substantially 
lower than from fine sand, consistent with the greater 
bacterial retention capacity of soils with higher clay con-
tent attributed to enhanced cell adhesion to clay mineral 
particles (Abit et al. 2014).

Among secondary parameters examined, infiltration 
rate and influent cell concentration have demonstrated 

only minor effects on microbial mobility (Haznedaroglu 
et  al. 2009). Importantly, changes in solution pH, ionic 
strength, dissolved organic matter concentrations, and 
phosphate levels that may result from biochar amend-
ment have been reported to exert either negligible or 
minimal effects on bacterial transport behavior (Bolster 
and Abit 2012; Dan et al. 2021). However, ionic strength 
may occasionally play a significant role in bacterial trans-
port through changes in electrostatic shielding, steric 
interactions, or solute competition for available sorption 
sites (Liu et al. 2024).

While the body of knowledge regarding biochar’s 
effects on pathogenic microorganism transport contin-
ues to expand, significant research gaps persist. First, 
comprehensive investigations into the sorption dynamics 
of pathogenic microorganisms on biochar derived from 
malt spent rootlets (MSRB) remain absent: although 
Manariotis et al. (2015) and Boutsika et al. (2014) estab-
lished the physicochemical characterization of MSRB as 
a sorbent for mercury and other inorganic contaminants, 
its efficacy as a sand filtration amendment for bacte-
rial pathogen retention has not been evaluated. Second, 
most reported batch biochar adsorption studies do not 
account for the simultaneous natural inactivation of 
bacteria during the sorption contact period, introduc-
ing systematic overestimation of apparent adsorption 
rate constants (Suliman et al. 2017; Bolster 2019). Third, 
the effect of ionic strength on bacterial attachment to 
high-temperature biochars (> 800  °C), which are funda-
mentally different from low-temperature counterparts, 
remains poorly constrained; existing ionic strength stud-
ies have largely focused on plant-derived biochars pro-
duced below 500  °C (Bolster and Abit 2012; Dan et  al. 
2021). Fourth, whereas some studies have reported domi-
nant straining or dominant attachment mechanisms in 
biochar-amended systems, the relative contributions of 
these two retention pathways have rarely been quantified 
(Singer et al. 2025).

Herein, we investigate the fate and transport of Escheri-
chia coli (E. coli), the most widely used indicator organ-
ism for fecal contamination and the potential presence 
of pathogenic microorganisms in water (Korajkic et  al. 
2018; Zhu et  al. 2023). The primary objectives of the 
present study were as follows: (1) to quantify the kinetic 
and equilibrium sorption behavior of E. coli CN-13 onto 
MSRB through batch sorption experiments conducted 
at varying initial cell concentrations and solution ionic 
strengths; (2) to develop and validate kinetic and iso-
therm models that adequately describe the simultaneous 
inactivation and attachment of E. coli onto MSRB; and (3) 
to quantify the fate and transport of E. coli through bio-
char-amended saturated porous media and the relative 
contribution of different retention mechanisms through 
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column transport experiments. The ionic strength condi-
tions selected for investigation were chosen to represent 
both low ionic strength conditions typical of pristine 
groundwater environments and elevated ionic strength 
conditions representative of contaminated groundwater 
or impacted soil–water systems.

To the best of our knowledge, based on a systematic 
literature review of Web of Science, Scopus, and Google 
Scholar (search date: April 2026; terms: ‘malt spent root-
lets biochar’ AND ‘bacteria OR E. coli OR pathogen 
transport’), this is the first study to (i) investigate the 
sorption and transport of E. coli in saturated sand col-
umns amended with MSRB; (ii) simultaneously account 
for E. coli inactivation kinetics within the batch adsorp-
tion modeling framework using a validated bacterial 
inactivation correction, yielding concentration-inde-
pendent kinetic rate constants; and (iii) systematically 
quantify the relative contributions of physical strain-
ing and direct attachment in MSRB-amended columns 
through numerical fitting of a biocolloid transport equa-
tion. MSRB represents an abundant, low-cost brewery 
byproduct whose valorization as a pathogen-retention 
amendment addresses both environmental remediation 
and industrial waste management objectives.

2 � Materials and methods
2.1 � Bacterial stock preparation
In the present study, the E. coli strain CN-13 derived 
from strain C (ATCC® 13706™) was chosen mainly 
because of its resistance to nalidixic acid, that enables the 
use of nalidixic acid in growth media to selectively grow 
CN-13 while inhibiting the growth of other "wild-type" 
bacteria that might be present. The CN-13 strain is also 
classified as Biosafety Level 1, thereby generally consid-
ered safe for healthy adult humans.

For the preparation of the bacterial stock solution, the 
procured E. coli CN-13 was streaked onto tryptic soy 
agar (TSA) plates supplemented with nalidixic acid at a 
final concentration of 25 μg mL−1 and incubated for 24 h 
at 37  °C to allow colony formation. The nalidixic acid 
selective supplement was prepared as a stock solution at 
2.5 mg mL−1 in 0.1 M NaOH and filter-sterilized through 
a 0.22  μm membrane prior to addition to autoclaved 
media. The following day, one isolated colony was trans-
ferred to each of five Erlenmeyer flasks, each containing 
150 mL TSB supplemented with 1.5 mL of the nalidixic 
acid stock solution (final concentration: 25 μg mL−1), and 
cultured for 4  h at 37  °C and 150  rpm in an incubator 
(INNOVA 43, New Brunswick Scientific). The bacterial 
solution was transferred to 50-mL Falcon tubes and cen-
trifuged for 10 min at 10,000 rpm (model SL40R, Thermo 
Fisher Scientific). After centrifugation, the superna-
tant was discarded, and the precipitated bacteria at the 

bottom of the tube were collected. This process was 
repeated until all growth media was removed and all bac-
teria were collected in one tube, which was filled up to 
50 mL with a 9 g L−1 NaCl solution in order to preserve 
osmotic pressure. The above solution had a concentra-
tion of ~ 8.9·109 CFU  mL−1 and was called a stock solu-
tion. The desired initial concentration, either for batch 
or column experiments, was achieved by consecutive 
tenfold dilutions. Prior to each tenfold dilution step, all 
tubes were vortex-mixed (10 s, maximum speed) to dis-
rupt bacterial aggregates and ensure homogeneous cell 
distribution, thereby preventing underestimation of cell 
concentration in the diluted aliquots.

A schematic flow diagram for the bacterial stock prepa-
ration is shown in Fig. S1. Prior to the experiments, every 
batch of E. coli suspension was kept at 4  °C for 24  h in 
order for the bacteria to adjust to the new concentration. 
The bacterial concentration in the effluent was quantified 
by the spread plate technique. In brief, 100 μL of suspen-
sion was withdrawn from each sample to prepare dilu-
tions ranging up to 10–6, depending on the experiment. 
The diluted effluent samples were then placed on TSA 
Petri plates, and the colony-forming units were counted 
after overnight incubation at 37 °C. Each sample was enu-
merated using only plates that formed 30 to 300 colonies.

2.2 � Sand and biochar preparation
As filter media in column transport experiments, middle-
size quartz sand was used with a diameter ranging from 
0.425 to 0.6  mm (No. 30/40 sieve), with a uniformity 
coefficient of Cu = 1.21, and a bulk density of ρb = 1.65 g 
cm−3. Sand’s chemical composition, as given by the man-
ufacturer Filcom Filterzand & Grind, was 96.2% SiO2, 
0.15% Na2O, 0.11% CaO, 0.02% MgO, 1.75% Al2O3, 0.78% 
K2O, 0.06% SO3, 0.46% Fe2O3, 0.03% P2O5, 0.02% BaO, 
and 0.01% Mn3O4. Surface impurities were removed by 
hydration with deionized water (DIW) for several days, 
drying for 24 h at 105 °C, treatment with 0.1 Μ ΝaΟΗ for 
3 h, washing up to pH 7, and repetition with 0.1 Μ HNO3. 
The sequential cleaning procedure serves three pur-
poses: (1) DIW hydration removes loosely bound surface 
fines, pre-adsorbed inorganic salts, and soluble organic 
residues that would alter ionic strength conditions and 
introduce uncontrolled carbon or nutrient loading; (2) 
treatment with 0.1  M NaOH dissolves organic surface 
coatings (humic substances, lipid films) that would intro-
duce uncontrolled sorption sites for E. coli; washing to 
pH 7 removes residual NaOH; (3) treatment with 0.1 M 
HNO₃ dissolves iron and aluminum oxyhydroxide films 
from quartz surfaces; these oxide coatings carry a posi-
tive surface charge at near-neutral pH (PZC ~ 7–9) and 
would non-reproducibly enhance E. coli–sand attach-
ment, possibly confounding the attribution of retention 
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to MSRB. The procedure produces a reproducible, 
silanol-terminated quartz surface. Finally, the sand was 
dried at 105 °C and sterilized before each experiment to 
secure its microbial purity.

Fresh malt spent rootlet feedstock was procured from 
the Athenian Brewery S.A. (Patras, GR). MSRB was syn-
thesized from pyrolysis at 850  °C for 1  h. More details 
on the synthesis procedure can be found in Boutsika 
et  al. (2014). The fraction of particles passing through 
a sieve with an opening of 150  μm was used. The frac-
tion <150 μm had an estimated median particle size d50 ≈ 
75  μm, calculated as the arithmetic mean of the upper 
sieve opening (150  μm) and the lower limit of detect-
able fines (~ 0 μm), assuming an approximately uniform 
particle size distribution within the sieved fraction; laser 
diffraction analysis is recommended to refine this esti-
mate in future work. This value was used as a fixed input 
to the biocolloid transport model (Sect.  3.3), consistent 
with sieved biochar fractions in similar studies (Suliman 
et  al. 2017). The fraction <150  μm fraction was selected 
so that the resulting biochar-to-sand median size ratio 
(≈ 0.15) is small enough to allow adequate dispersion of 
MSRB within the sand matrix without segregation during 
dry-packing. Textural properties of the biochar, including 
surface area, pore volume, and average pore size, were 
determined via N2 adsorption–desorption isotherms 
at 77  K using a TriStar 3000 gas adsorption analyzer 
(Micromeritics, GA, USA). SSA was calculated using the 
Brunauer–Emmett–Teller (BET) method.

2.3 � Batch sorption and inactivation experiments
Batch sorption experiments were conducted to determine 
the appropriate kinetic and isotherm models describ-
ing E. coli adsorption on MSRB. A volume of 10  mL of 
E. coli culture with the desired concentration was trans-
ferred into polypropylene tubes containing 10 mg of the 
sterilized MSRB. Blank samples without the addition of 
biochar were also prepared in order to estimate bacte-
ria’s natural inactivation. All tubes were hooked to a rotor 
(J.P Selecta, Spain) and rotated at 10 rpm in the dark at 
room temperature. In every batch experiment, two ionic 
concentrations of 1 and 150 mM KCl were investigated. 
The solution with the desired initial bacterial concentra-
tion and the adjusted ionic strength was kept for 24 h at 

4 °C in order for bacteria to adjust. For the batch experi-
ments, the initial bacterial concentration ranged from 102 
to 107  CFU  mL−1. The effect of contact time on E. coli 
sorption was examined for a period of 1 to 48 h. Isotherm 
experiments were conducted in the same procedure as 
the kinetic experiments examining the same range of E. 
coli suspensions. Every experiment was conducted in 
duplicate. The concentrations of Cl−, PO4

3−, and SO4
2− 

anions were monitored throughout the batch experi-
ments to ensure that variations that could be attributed 
to interactions with biochar were minimal (Figure S2a).

2.4 � Column transport experiments
A glass chromatography column with a length ( L ) of 
30 cm and an internal diameter ( D ) of 1 cm (Chromaf-
lex, Kimble Kontes, NJ) was used for the flow-through 
column transport experiments. Three column configu-
rations were prepared with unamended sand and two 
mixtures of biochar and sand (namely 5% and 10% w/w 
MSRB). The biochar-amended sand composite mate-
rial was thoroughly mixed for 3 h to uniformly distribute 
the biochar in the sand. The column was dry-packed in 
the three runs in order to have a more uniform material 
distribution. The key experimental column parameters 
are given in Table 1; the resulting porosity values of the 
0%, 5%, and 10% w/w MSRB packed columns were 0.335, 
0.399, and 0.407, respectively. Column porosity was 
determined as follows: after dry-packing, the column was 
saturated from below with degassed DIW at a low flow 
rate (< 0.1  mL  min−1) to minimize air entrapment. The 
pore volume was recorded to those the total volume of 
water injected until effluent flow reached steady state, 
and bulk porosity was computed as the ratio of PV to the 
total column volume ( πD2L/4 = 23.56 cm3).

The column was placed vertically and operated in an 
upward mode to displace air from most pores between 
mixture grains and minimize preferential flow. Before 
each tracer experiment, sterilized DIW was flushed at a 
flow rate of 1 mL min−1 to wash out the initial high ion 
concentrations that biochar contains, and to achieve 
similar water matrix conditions as in batch experiments. 
The concentrations of Cl−, PO4

3−, and SO4
2− anions 

were monitored during the washing period to confirm 
that adequately low anion concentrations were achieved 

Table 1  Experimental parameters for E. coli transport in sand-packed columns amended with MSRB

Column MSRB content (% 
w/w)

Sand mass (g) MSRB mass (g) Porosity 
ǫ

(v/v)

Pore volume
PV (mL)

Mixture Bulk 
density (g 
cm−3)

C1 0 38.890 0.000 0.335 7.90 1.651

C2 5 27.702 1.458 0.399 9.41 1.238

C3 10 24.105 2.675 0.407 9.59 1.137
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before initiation of the tracer column experiments (Fig-
ure S2b). During the washing period, the Cl− concentra-
tion decreased below the target threshold of 2  mg L−1 
(i.e., negligible relative to the 1  mM KCl experimental 
background) after 12–16 PV of DIW flushing, with the 
range depending on MSRB content. A washing duration 
corresponding to 15–18 PV was selected as a conserva-
tive operational margin to ensure consistent ionic base-
line conditions across all column configurations before 
tracer injection. By conditioning the filter media to a uni-
form ionic environment, we avoided the introduction of 
exogenous species, such as Br−.

Tracer column experiments were conducted with KCl 
as the conservative tracer to maintain chemical consist-
ency with the batch (1 and 150 mM) experiments. After 
column washing with 15 to 18 PV of DIW, 4.2 pore vol-
umes of 1  mM KCl were passed at a flow rate ( Q ) of 
1 mL  min−1, followed by DIW at the same rate. The 4.2 
PV tracer pulse duration was selected to capture the 
complete conservative tracer breakthrough plateau and 
the initial elution limb within a single experiment, con-
sistent with standard practice in saturated column trans-
port studies (Bradford et  al. 2003; Dan et  al. 2021). To 
facilitate the use of a 1  mM KCl tracer (Cl− concentra-
tion of ≈ 35.5  mg L−1), the effluent Cl− concentration 
was reduced to below 2 mg L−1 from an initial value of ≈ 
46 mg L−1 (5% w/w MSRB, C2 column). Effluent samples 
were collected every 2  min, and Cl− concentration was 
measured using ion chromatography (DX-500, Dionex 
Corp., Sunnyvale, CA). The tracer experiment stopped 
when the chloride concentration was less than 2 mg L−1.

Before each E. coli column transport experiment, 
1 mM of KCl solution was passed through the column for 
15 h at 0.2 mL min−1 to condition the filter media. Each 
bacterial suspension (≈ 1·105 CFU mL−1) was passed into 
the column at a flow rate ( Q ) of 1 mL min−1 for 4.2 PV. 
Effluent samples were collected at 2–4 min time intervals 
and enumerated in microbiological duplicate (two inde-
pendent spread plates per sample); it should be noted 
that these are enumeration technical replicates, not inde-
pendent column replicates. The three column experi-
ments (C1, C2, C3) each represent a single experimental 
run at their respective MSRB application rates.

2.5 � Theory and modelling framework
2.5.1 � Bacterial inactivation kinetics
Accurate estimation of E. coli inactivation rates is impor-
tant for decoupling sorption from inactivation in the MSRB 
batch samples. Several established models were used to 
study the natural inactivation kinetics of E. coli from obser-
vations in blank samples. The first-order kinetic model 
(Bigelow 1921) represents the classical approach to micro-
bial inactivation kinetics. This model assumes that the rate 

of inactivation is directly proportional to the number of 
surviving microorganisms at any given time, t , analogous 
to first-order chemical reactions, yielding the following 
equation:

where C0 (CFU mL−1) is the initial concentration of E. 
coli in the blank samples, C (CFU mL−1) is the surviving 
E. coli concentration at time t , and kd (min−1) is the first-
order inactivation rate constant.

The Weibull model has been widely adopted for mod-
eling microbial inactivation kinetics (Pokhrel et  al. 2017; 
Zhu et al. 2026). It acknowledges biological resistance het-
erogeneity within microbial populations and derives sur-
vival curves from a probability distribution of lethal events, 
thereby accommodating the non-linear survival curves fre-
quently observed experimentally.

where α is a shape factor. For α = 1 , the Weibull model 
simplifies to the first-order inactivation model (Eq. 1).

The log-logistic model (Chen and Hoover 2003) rep-
resents an alternative mathematical framework where 
log-time responses follow a logistic (sigmoid) distribution 
rather than the Weibull distribution. This model emerged 
from the observation that many microbial inactivation 
curves exhibit sigmoidal rather than purely monotonic 
shapes on semi-logarithmic plots with a shoulder and a tail.

where A (log(CFU mL−1)) is the difference between 
upper and lower asymptotes, σ (log(CFU mL−1)/log min) 
is the maximum inactivation rate, and τ (log min) is the 
log time to maximum inactivation.

The Gompertz function originated in 1825 as a model for 
human mortality distributions, demonstrating an exponen-
tial increase in death rate with age. The modified Gompertz 
model was adapted for describing bacterial growth curves 
and later extended to model microbial inactivation kinetics 
(Acuff et al. 2020; Zwietering et al. 1990). This model was 
fundamentally designed to accommodate lag phases and 
asymptotic plateaus.

where T  (min) is the time at the maximum inactivation 
rate, B (min−1) is the relative inactivation rate at t = T  , 
and A is as defined previously.

(1)ln
C

C0
= −kdt

(2)ln
C

C0
= −kdt

α

(3)log
C

C0
=

A

1+ e
4σ(τ+6)

A

−
A

1+ e
4σ(τ−logt)

A

(4)log
C

C0
= Ae−eBT

− Ae−e−B(t−T )
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2.5.2 � Adsorption kinetics
The kinetics of adsorption of E. coli on MSRB were 
studied using the pseudo-first-order (PFO) and pseudo-
second-order (PSO) models with the following general-
ized differential form:

where m is the order of the adsorption model (PFO: 
m = 1 ; PSO: m = 2 ), q and qe (CFU mg−1) are the 
adsorbed E. coli concentrations at a given time t and 
at equilibrium, respectively, and κm ((CFU mg−1)1−m 
mL−1) is the m-order adsorption rate constant. Since it is 
impractical to measure adsorbed E. coli concentrations 
on MSRB, Eq. 5 can be reformulated with regard to the 
concentration of live E. coli in the solution at a given time 
t by considering the mass balance between aqueous and 
solid phases and the adopted Weibull E. coli inactivation 
model (due to its superior performance against observa-
tions, as demonstrated later in Sect. 3.2):

where Ce (CFU mL−1) is the live E. coli concentration 
at equilibrium, km = κm(M/V )1−m ((CFU mL−1)1−m 
min−1), and M/V  (mg mL−1) is the adsorbent dosage. 
For the PFO model, Eq. 6 has the following closed form 
solution:

whereas for the PSO model, Eq.  6 may be solved 
numerically.

2.5.3 � Adsorption isotherms
To evaluate both the adsorption capacity and the 
adsorption intensity of E. coli on MSRB, the Freun-
dlich model was fitted to the experimental isotherm 
data, using the equilibrium adsorption values ( Ce 
and qe ) estimated by the PFO kinetic model. Consist-
ent with the SEM analysis presented in the follow-
ing Sect.  3.1, the Freundlich model was selected to 
account for the biochar’s significant surface hetero-
geneity and its diverse range of binding sites, because 
it assumes multilayer sorption on the adsorbent’s het-
erogeneous surface. The Freundlich isotherm model is 
written as follows:

(5)
dq

dt
= κm(qe − q)m

(6)
dC

dt
= −km(C − Ce)

m
− αkdt

α−1C

(7)

C(t) = C0e
−k1t−kdt

α

+ k1Ce

∫ t

0
ek1(τ−t)+kd(τ

α
−tα)dτ

(8)qe = KFC
1/n
e

where KF ((CFU mg−1)/(CFU mL−1)1/n) and n are con-
stants related to the maximum adsorption capacity and 
strength of adsorption, respectively.

2.5.4 � Transport equations
For each column configuration in Table 1, the dispersivity 
( � ) was estimated by fitting the one-dimensional advec-
tion–dispersion equation (1D-ADE) model to the meas-
ured conservative Cl− tracer effluent data. The 1D-ADE 
model for a conservative tracer considering that molecu-
lar diffusion can be neglected is written as follows:

where C is the normalized tracer concentration, t (min) is 
time, z (cm) is the down-gradient distance from the col-
umn inlet, U (cm min−1) is the endoporous (or intersti-
tial) velocity (calculated as the superficial velocity divided 
by the porosity, or U = 4Q/

(

ǫπD2
)

 ), and � (cm) is the 
dispersivity.

The fate and transport of bacteria (and other micro-
organisms) in saturated porous media are typically 
described using colloid transport theory, which incor-
porates the effects of advection, dispersion, retardation, 
and (reversible) attachment of colloids to a solid surface 
(Singer et al. 2025). Several studies have pointed out that 
straining (i.e., the entrapment of colloidal particles within 
restrictive pore throats and at the interfaces of grain-to-
grain junctions) is often overlooked but can be the domi-
nant mechanism of biocolloid retention in sand filtration 
systems, particularly for fine-textured filter media where 
the colloid to media size ratio is greater than 0.005 (Brad-
ford et  al. 2006). Considering first-order attachment, 
straining and Weibull E. coli inactivation, the general-
ized form of the one-dimensional biocolloid transport 
Eq.  (1D-BTE) for the live E. coli concentration in aque-
ous and solid phases, C (CFU mL−1) and q (CFU mg−1), 
respectively, is formulated as follows:

where R (-) is the retardation coefficient, ǫ (-) is the media 
porosity, kstr (min−1) is the first-order straining coeffi-
cient, ψstr (-) is a dimensionless straining function, katt 
(min−1) is the first-order attachment coefficient, and kdet 
(min−1) is the first-order detachment coefficient. The 

(9)∂C

∂t
= −U

∂C

∂z
+ U�

∂2C

∂z2

(10a)
R
∂C

∂t
= −U

∂C

∂z
+ U�

∂2C

∂z2
−

ρb

ǫ

∂q

∂t
−

(

αkdt
α−1

+ kstrψstr

)

C

(10b)
ρb

ǫ

∂q

∂t
= kattC − kdet

ρb

ǫ
q
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straining function accounts for the depth-dependent 
entrapment of biocolloids (Bradford et al. 2003):

where β is a shape parameter that controls the biocolloid 
spatial distribution, and d50 (cm) is the median size of 
the column filter media, which is used as a proxy for the 
average pore length. Bradford et al. (2003) reported typi-
cal values for β between 0.14 and 0.78, with β ≈ 0.432 as 
a representative value for a wide range of soils. They also 
reported the following correlation regarding the first-
order straining coefficient:

where dp (cm) is the particle size. Best fit estimates for the 
retardation ( R ) and the reversible attachment coefficients 
( katt and kdet ) were obtained by fitting Eqs. (10a, b) to the 
measured E. coli effluent data. The parametric 1D-ADE 
(Eq. 9) and 1D-BTE (Eqs. 10a,b) were solved numerically 
in Wolfram Mathematica (Wolfram Research Inc. 2026), 
and model fits were obtained using a non-linear least 
squares optimization routine.

3 � Results and discussion
3.1 � Biochar characterization
Based on triplicate measurements, the biochar’s SSA and 
pore volume were determined to be 290 ± 2.9 m2 g−1 and 
0.185 ± 0.003 cm3  g−1, respectively. The t-plot method 
further indicated a significant contribution from micr-
oporosity, which represented 63% of the overall pore 
volume.

The morphological features and surface structure of the 
biochar were characterized via scanning electron micros-
copy (SEM), as depicted in Fig. 1. Pyrolysis of MSRB at 
850 °C produced a highly fragmented and heterogeneous 
morphology, characterized by a mix of large, irregular 

(11)ψstr =

(

z + d50

d50

)

−β

(12)kstr = 269.7

(

dp

d50

)1.42

skeletal structures—retaining the original biomass vascu-
lar bundles—and finer particulate debris resulting from 
high-temperature embrittlement. Microscopic analysis 
revealed a well-developed, honeycomb-like pore net-
work derived from preserved plant cellular walls, which 
facilitates adsorbate diffusion into the internal matrix. 
While these carbonaceous walls were relatively thick, 
they were frequently interspersed with inorganic mineral 
ash deposits. At higher resolutions, the surface topog-
raphy was markedly non-uniform, exhibiting a chaotic 
landscape of jagged ridges, flaky layers, and irregular 
cavities rather than smooth graphitic planes. This micro-
scale roughness and high density of crevices significantly 
enhance the biochar’s SSA, providing a diverse range of 
high-energy active sites that contribute to the material’s 
overall adsorption heterogeneity.

The surface chemistry of MSRB at 850  °C is well-
characterized in the literature using the same feedstock 
and pyrolysis protocol (Manariotis et  al. 2015). FTIR 
spectroscopy of MSRB across pyrolysis temperatures 
of 300–900  °C demonstrated the progressive elimina-
tion of all oxygenated functional groups present in raw 
MSR, including O–H or N–H stretching (~ 3400  cm−1), 
aliphatic C–H (~ 2950 cm−1), and S=O or P=O stretches 
(~ 1150  cm−1) corresponding to hydroxyl, phospho-
nic, amine, and carbon-bonded sulfhydryl groups, with 
increasing pyrolysis temperature (Manariotis et al. 2015). 
At 850–900 °C, the spectrum retains only aromatic C=C 
and C–H bond features, indicating near-complete car-
bonization and the formation of a predominantly non-
polar, graphene-like surface (Manariotis et  al. 2015; 
Keiluweit et al. 2010). The Point of Zero Charge of MSRB 
at 850  °C was determined as PZC = 8.1, using the pH 
drift method (50  mg MSRB in 50  mL of 0.01  M KNO₃ 
solutions pre-adjusted to initial pH 2–11; rotary shaker 
at 10  rpm, 25  °C, 24  h; PZC identified as the initial pH 
at which equilibrium pH is unchanged). This value is 
consistent with the alkaline suspension pH reported by 
Manariotis et  al. (2015) for MSRB at similar pyrolysis 

Fig. 1  SEM images of MSRB at a 200×, b 1000×, and c 5000× magnification
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temperatures (pH 9.9 at solid loading > 12  g L−1), con-
firming that at the experimental pH range of this study 
(6.6–7.6; Table S2), MSRB carried a net positive surface 
charge (pH < PZC = 8.1). This has important implications 
for E. coli attachment, as demonstrated later in Sect. 3.2.

The potential for MSRB leachate to inhibit E. coli 
viability and thereby confound the inactivation–
adsorption distinction was assessed using published 
data specific to MSRB at 850  °C. Tsouloufa et  al. 
(2020) characterized the physicochemical composition 
and ecotoxicity of leachates from six serial washes of 
MSRB produced from the same feedstock (Athenian 
Brewery S.A., Patras, Greece) at 850 °C under an iden-
tical pyrolysis protocol. The first wash aliquot con-
tained elevated concentrations of Cl− (760  mg L−1), 
PO4

3− (980 mg L−1), Fe (3380 μg L−1), Zn (1250 μg L−1), 
and Mn (540 μg L−1); Cd, Pb, Cr, and As were at trace 
or undetectable levels in all washes. Ecotoxicity test-
ing (Thamnocephalus platyurus; ISO 14380) showed 
acute toxicity in the 1st wash and slight toxicity in the 
2nd, but no acute toxicity was detected from the 3rd 
wash onward, with the toxic potency strongly corre-
lated with mineral ion load rather than with organic 
pollutants. In the present study, all columns were 
flushed with 15–18 pore volumes (PV) of DIW prior 
to any experiment (Sect. 2.4), a washing intensity sub-
stantially exceeding the 3-wash threshold for eliminat-
ing acute toxicity identified by Tsouloufa et al. (2020). 
Effluent Cl− monitoring confirmed anion concentra-
tions below 2 mg L−1 before experiments commenced 
(Figure S2). We therefore conclude that MSRB leachate 
would not have exerted any inhibitory effect on E. coli 
under the experimental conditions of this study and 

does not confound the inactivation–adsorption differ-
entiation in batch experiments.

3.2 � Batch experiments
Figure  2 shows the observed survival curves of E. coli 
along with fitted inactivation model curves at the two 
examined ionic strength conditions. Results showed that 
higher ionic strength conditions led to an increase in E. 
coli inactivation rates. This is possibly attributed to cell 
membrane destabilization arising from the increase in 
the electrochemical gradient between the cytoplasm and 
the external media (Kuang et  al. 2024). To compare the 
performance of the inactivation models while accounting 
for differences in the number of parameters, the adjusted 
coefficient of determination was implemented, defined as 
r2adj = 1−

(

1− r2
)

(N − 1)/(N − P − 1) , where N  is the 
total number of observations and P is the total number of 
model parameters. The first-order model overestimated 
E. coli concentrations during the initial phases and 
underestimated them at later stages, while the modified 
Gompertz model exhibited a positive bias at higher 
times, as it approached its asymptote. The Weibull and 
log-logistic models produced almost identical results and 
were the best performers as demonstrated by their higher 
r2adj values. In the present study, the Weibull model was 
selected to model E. coli inactivation kinetics due to its 
combined superior performance and parsimony. Table 2 
summarizes the derived parameter values for the Weibull 
inactivation model, while fitted parameters for the rest of 
the inactivation models are provided in the Supplemen-
tary Information (Table S1).

Figure  3 shows the observed time series of live E. 
coli concentrations in batch experiments, along with 

Fig. 2  Comparison of different microbial inactivation models fitted against observed data at two ionic strength conditions
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the fitted PFO and PSO models for a wide range of ini-
tial concentrations of 102–107 CFU mL−1 and two 
ionic strengths of 1 and 150 mM KCl. The observed E. 
coli removal efficiency in MSRB batch samples ranged 
between 77.32% and 99.96% over a period of ~ 3–72 h, 
reflecting the combined effects of E. coli inactivation and 
sorption on biochar.

The derived kinetic parameters of the PFO and PSO 
adsorption models and the resulting coefficient of deter-
mination are given in Table  3. The conformity between 
experimental data and model predictions was expressed 
by the coefficient of determination, r2 . Overall, both 
kinetic models provided excellent fits, with an average r2 
of 0.91 and 0.95 for PFO and PSO models, respectively. 
Although the PSO model appears to be statistically supe-
rior, the estimated k2 parameters spanned five orders 
of magnitude across all runs, in the range of 1.21·10–9–
2.62·10–4 mL (CFU min)−1 and were highly correlated 
with the initial E. coli concentration, which might suggest 
data overfitting. Conversely, the estimated k1 parameters 

of the PFO model were relatively consistent across all 
runs, in the range of 9.70·10–3–5.92·10–2 min−1. This indi-
cates that the PFO model likely captures the effective rate 
at which E. coli sorption on MSRB approaches equilib-
rium, which was independent of initial bacterial concen-
tration. Therefore, it may be concluded that sorption of E. 
coli on MSRB followed PFO kinetics.

On average, estimated k1 values were higher for 1 mM 
KCl compared to 150 mM KCl ionic strength conditions, 
possibly suggesting that higher ionic strength hindered 
adsorption of E. coli on MSRB. The observed decrease 
in k1 at 150 mM KCl relative to 1 mM KCl is consist-
ent with classical Derjaguin–Landau–Verwey–Over-
beek (DLVO) theory. Since MSRB is positively charged 
(PZC = 8.1 > experimental pH 6.6–7.6) and E. coli is 
negatively charged (Wilson et  al. 2001), the interaction 
between them is governed by electrostatic attraction 
rather than repulsion. For two oppositely charged sur-
faces, increasing ionic strength compresses the electrical 
double layer around both surfaces, reducing the magni-
tude of their respective surface potentials and thereby 
attenuating the electrostatic attractive driving force. The 
reduced adsorption at 150 mM KCl is therefore a direct, 
DLVO-consistent consequence of double-layer compres-
sion weakening the attractive interaction. Direct zeta 
potential measurements of MSRB and E. coli CN-13 
under both ionic strength conditions were not conducted 
in the present study. Such measurements are recom-
mended for future work to provide quantitative support 

Table 2  Parameter values and adjusted coefficient of determination, 
r
2
adj , of Weibull inactivation model fitted to observed data

Ionic strength [KCl] kd(min−α) α r2
adj

1 mM 0.02329 0.52778 0.81

150 mM 0.23330 0.28708 0.87

Fig. 3  Live E. coli concentration time series in MSRB batch runs at different initial concentrations and at two ionic strength conditions. The points 
represent measurements, while the solid and dashed lines represent fitted PFO and PSO models, respectively
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for this interpretation. As a secondary effect, the high K+ 
and Cl− concentrations at 150 mM may additionally com-
pete for positively charged MSRB surface sites, consistent 
with observations for chloride–biochar interactions (Azri 
et al. 2024; Liu et al. 2024).

The results of the surface characterization (Sect. 3.1) 
allow the adsorption data to be interpreted in terms of 
the dominant interaction mechanisms between E. coli 
and MSRB. First, regarding the role of micropores: 
although the t-plot analysis indicates that 63% of the 
total pore volume resides in micropores (< 2 nm diam-
eter), E. coli cells (~ 1–2 μm length, ~ 0.5–1 μm diam-
eter) are five orders of magnitude larger than individual 
micropores and are physically excluded from their inte-
riors. The high micropore volume is nonetheless rel-
evant because it generates the large BET-measured 
SSA (290 ± 2.9 m2 g−1), which in conjunction with the 
rough, fragmented external mesopore and macropore 
surfaces visible in SEM (Fig.  1) provides abundant 
high-energy contact sites for bacterial attachment. Sec-
ond, previous characterization of MSRB by Manari-
otis et  al. (2015) demonstrated that surface functional 
groups present in the raw material (hydroxyl, phospho-
nic, amine, carbon-bonded sulfhydryl) progressively 
disappear with increasing pyrolysis temperature, leav-
ing a predominantly aromatic, highly condensed car-
bonaceous framework with very low functional group 
density and a high surface pH (~ 9.9). This implies that 
E. coli attachment to MSRB at 850  °C is governed pri-
marily by hydrophobic and van der Waals interactions 
between the aromatic graphene-like MSRB surface 
and the E. coli cell envelope, rather than by specific 
chemical bonding with surface functional groups. The 

high-temperature MSRB surface is hydrophobic and 
can facilitate π–π electron donor–acceptor interactions 
with aromatic moieties in the bacterial lipopolysaccha-
ride outer membrane. This mechanistic interpretation 
is consistent with the high-temperature biochar litera-
ture (Keiluweit et al. 2010).

It is important to emphasize that, since E. coli adsorbed 
onto MSRB cannot be directly enumerated by standard 
spread-plate methods once cells are associated with the 
solid phase, the equilibrium concentrations Ce (aqueous 
phase) and qe (solid phase) reported in Table  3 are not 
directly measured quantities. They are model-estimated 
parameters derived by fitting the closed-form PFO solu-
tion (Eq.  7, Sect.  2.5), which embeds the Weibull inac-
tivation correction, to the observed time series of total 
aqueous-phase E. coli concentration. The reliability of 
these estimates therefore depends on the validity of: (i) 
the Weibull inactivation model and its parameters ( kd , 
α from blank experiments); (ii) the PFO kinetic assump-
tion; and (iii) the well-mixed batch reactor assumption. 
These are inherent limitations of the indirect batch 
approach for microbiological systems and are shared 
with published E. coli–biochar batch studies (Bolster 
2019; Suliman et al. 2017).

The isotherm results and the fitted Freundlich iso-
therm at two ionic strength conditions are presented 
in Fig. 4, while the fitted isotherm constants and coeffi-
cient of determination are given in Table 4. The high r2 
values demonstrate the effectiveness of the Freundlich 
model in representing the isotherms of E. coli adsorp-
tion on MSRB, considering the wide range of concen-
trations. It should be noted that the Langmuir model 
failed to fit the experimental isotherm data within 

Table 3  Comparison of PFO and PSO kinetic model parameters for E. coli adsorption on MSRB at two ionic strength conditions in 
batch samples

PFO PSO

Run C0
CFU mL−1

Ce
CFU mL−1

k1
min−1

r2 Ce
CFU mL−1

k2
mL (CFU min)−1

r2

1 mM KCl

 B1.1 2.56·102 5.31·100 1.99·10–2 0.89 3.05·10–5 2.62·10–4 0.75

 B1.2 1.26·103 2.58·101 5.92·10–2 0.98 3.96·10–4 2.39·10–4 1.00

 B1.3 1.57·104 3.11·102 9.70·10–3 0.80 7.52·100 7.30·10–7 0.95

 B1.4 7.33·105 9.50·102 4.71·10–2 0.80 9.22·10–3 6.45·10–7 0.98

 B1.5 1.25·106 5.28·103 3.15·10–2 0.96 7.61·102 3.29·10–7 1.00

 B1.6 2.73·107 6.30·106 1.35·10–2 1.00 5.49·106 1.21·10–9 0.98

150 mM KCl

 B2.1 6.19·102 2.65·101 2.22·10–2 0.95 1.34·101 1.36·10–4 0.98

 B2.2 2.95·103 8.81·101 1.17·10–2 0.92 2.52·101 1.19·10–5 0.99

 B2.3 3.54·104 3.84·103 1.08·10–2 0.86 3.16·103 8.94·10–7 0.93

 B2.4 7.33·106 7.03·105 9.85·10–3 0.97 5.38·105 2.94·10–9 0.98
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physically realistic parameter ranges, likely invalidating 
the model’s inherent assumption of ideal and uniform 
monolayer sorption on MSRB.

The estimated value of KF at 1 mM KCl (210.512 (CFU 
mg−1)/(CFU mL−1)1/n) was higher than its correspond-
ing value at 150 mM KCl (35.851 (CFU mg−1)/(CFU 
mL−1)1/n), indicating that the adsorption capacity of 
MSRB exhibited a decline with increasing ionic strength. 
The estimated value of n at 1 mM KCl (1.207) was slightly 
higher than its corresponding value at 150 mM KCl 
(1.129) and both values were slightly greater than unity, 
suggesting favorable sorption conditions regardless of 
ionic strength. These results agree with the conclusions 
drawn in the above adsorption kinetics discussion, dem-
onstrating that lower ionic strength favors the adsorption 
of E. coli on MSRB.

3.3 � Column transport experiments
Figure  5 illustrates the observed and simulated effluent 
concentrations of Cl− tracer and E. coli data, normalized 
by the initial concentration, for three biochar applica-
tion rates (C1: 0% w/w MSRB, C2: 5% w/w MSRB, and 
C3: 10% w/w MSRB). Key fixed model parameters are 
given in Table S2 for each column configuration. The val-
ues of the derived and fitted model parameters, as well 
as the resulting coefficient of determination of the model 
fits are given in Table 5, indicating that both models pro-
vided excellent fits to the observations ( r2 > 0.87).

The column transport experiments demonstrated that 
amendment of saturated sand with MSRB progressively 
enhanced  E. coli  retention, achieving removal efficien-
cies of 17.8% (C1: 0% MSRB), 35.1% (C2: 5% MSRB), and 
94.1% (C3: 10% MSRB. These results highlight MSRB’s 
viability as a filtration amendment, with the 10% (w/w) 

Fig. 4  Observed isotherms of E. coli adsorption on MSRB and fitted 
Freundlich model at two ionic strength conditions

Table 4  Fitted Freundlich isotherm parameters and coefficient 
of determination at two ionic strength conditions

Ionic strength [KCl] KF((CFU mg−1)/(CFU 
mL−1)1/n)

n r2

1 mM 210.512 1.207 0.82

150 mM 35.851 1.129 0.99

Fig. 5  Normalized effluent Cl− and E. coli concentrations under 3 biochar application rates (0%, 5% and 10% w/w MSRB). Background effluent 
[KCl] = 1 mM, C0 ≈ 1·105 CFU mL−1, Q = 1 mL min−1. Points and solid lines indicate measurements and fitted 1D-ADE and 1D-BTE models, 
respectively
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application rate achieving >fivefold greater retention 
compared to unamended sand conditions.

The 1D-ADE and 1D-BTE models yielded fitted param-
eters that reveal distinct mechanisms controlling  E. 
coli  fate and transport in biochar-amended media, by 
incorporating advection–dispersion, first-order attach-
ment, physical straining, and Weibull inactivation kinet-
ics. The straining coefficient ( kstr ) increased moderately 
with biochar content, from 0.051  min−1 in unamended 
sand (C1) to 0.088  min−1 in the 10% w/w MSRB col-
umn (C3), representing a 1.7-fold increase. However, 
the attachment coefficient ( katt ) exhibited a dramatically 
different trend, increasing 13.4-fold from 0.022  min−1 
in unamended sand to 0.294  min−1 in the 10% biochar 
amendment. Within the 1D-BTE modeling framework, 
the relative magnitudes of the fitted coefficients suggest 
that physical straining was the numerically dominant 
modeled retention pathway at 0% and 5% w/w MSRB, 
while direct attachment became the dominant modeled 
mechanism at 10% w/w MSRB. This mechanistic assign-
ment is inherently model-dependent and would require 
independent spatial profiling of retained bacteria (e.g., 
column sectioning and enumeration after termination) or 
pore-scale visualization to confirm experimentally.

Likewise, the retardation coefficient (R) increased sub-
stantially only at the highest biochar amendment rate 
(C3: R = 2.871), compared to unity for both unamended 
sand and the 5% w/w MSRB treatment, indicating that 
the biochar pore network and particle-size distribution 
significantly altered the hydrodynamic properties of the 
porous media at the 10% biochar application rate. These 

findings align closely with Dan et al. (2021), who reported 
R values between 1.2 and 4.54 for the transport of pheny-
lurea herbicide in rice straw biochar-amended sand col-
umns. Herein, the observed retardation coefficient trend 
matches changes in column dispersivity, which decreased 
from 0.706  cm in unamended sand to 0.373  cm at 5% 
MSRB but increased to 1.343 cm at 10% MSRB, reflect-
ing the transition from advection-dominated transport 
in coarse sand to complex flow paths through a mixed 
grain-size distribution at elevated biochar content. The 
disproportionate increase in R , � , and katt relative to kstr 
is likely attributed to the heterogeneous morphology of 
MSRB, as revealed by SEM analysis (Fig.  1). The MSRB 
exhibits extensive fragmentation and a honeycomb-like 
pore network interspersed with mineral ash deposits, 
creating a complex three-dimensional matrix of pore 
sizes with continuous tortuous routes that functions as 
an effective medium for biocolloid retention and sub-
stantially alters flow hydrodynamics.

The fitted detachment coefficient kdet converged to 
zero in all three column configurations, which within the 
1D-BTE framework is consistent with operationally irre-
versible E. coli attachment under the tested conditions. 
This finding is supported indirectly by the absence of visi-
ble tailing in the effluent breakthrough curves (Fig. 5) dur-
ing the post-pulse DIW elution phase. It is important to 
note, however, that kdet = 0 is a model-fitted boundary-
constrained result and should not be interpreted as ther-
modynamic proof of irreversibility. Mechanistically, the 
irreversible attachment can be rationalized by the com-
bination of: (i) electrostatic attraction between the posi-
tively charged MSRB surface (PZC = 8.1 > experimental 
pH 6.6–7.6) and negatively charged E. coli (Wilson et al. 
2001); (ii) hydrophobic interaction between the non-polar, 
aromatic MSRB surface and the lipid A moiety of the 
E.  coli lipopolysaccharide outer membrane (Manariotis 
et al. 2015; Keiluweit et al. 2010); and (iii) physical entrap-
ment within surface crevices and pore-throat geometries. 
These mechanisms collectively create high-energy binding 
states from which desorption is unfavorable at the experi-
mental pore velocities (3.1–3.8 cm min−1).

This result contrasts with some column transport stud-
ies in which partial bacterial breakthrough or "tailing" 
effects are observed, represented by reversible attach-
ment-detachment equilibria (Bolster 2019; Bradford et al. 
2003, 2006; Suliman et al. 2017). The absence of detach-
ment in all three column configurations suggests that 
either the biochar surface exhibits persistently favora-
ble binding sites with high activation energies for des-
orption, or the straining mechanism physically isolates 
entrapped bacteria from the flowing solution, preventing 
re-entrainment.

Table 5  Derived and fitted parameter values of 1D-ADE and 
1D-BTE models for three biochar application rates

*kdet = 0 and R = 1.000 represent boundary values of boundary-constrained 
optimization

Column C1
(0% w/w MSRB)

C2
(5% w/w MSRB)

C3
(10% w/w MSRB)

Derived parameters for 1D-ADE and 1D-BTE models

 U (cm 
min−1)

3.797 3.188 3.128

 kstr (min−1) 0.051 0.076 0.088

Fitted 1D-ADE model parameters using Cl− tracer data (Eq. 9)

 � (cm) 0.706 0.373 1.343

 r2 0.976 0.994 0.993

Fitted 1D-BTE model parameters for E. coli data (Eqs. 10a,b)

 R 1.000* 1.000* 2.871

 katt (min−1) 0.022 0.031 0.294

 kdet (min−1) 0.000* 0.000* 0.000*

 r2 0.922 0.873 0.907
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4 � Conclusions
This study demonstrated the efficacy of MSRB, a read-
ily available brewery industry byproduct, as a sustain-
able amendment for enhancing the retention of E. coli in 
saturated porous media. The pyrolysis of MSRB at 850 °C 
produced a carbonaceous material characterized by a 
high SSA (290 ± 2.9 m2 g−1) and a heterogeneous, honey-
comb-like pore network, which provided abundant active 
sites for bacterial adsorption.

Batch experiments revealed that the inactivation kinet-
ics of E. coli were best described by the Weibull model, 
which accounted for the non-linear survival curves and 
biological resistance heterogeneity within the bacterial 
population. The adsorption kinetics followed the PFO 
model, indicating that the rate of E. coli sorption on 
MSRB was independent of the initial bacterial concen-
tration. Equilibrium sorption data were well-fitted by the 
Freundlich isotherm model, consistent with multilayer 
sorption on a heterogeneous surface. Notably, increasing 
the ionic strength from 1 to 150  mM KCl resulted in a 
decrease in the Freundlich affinity coefficient ( KF ), sug-
gesting that electrostatic shielding and competitive inter-
actions for binding sites hindered bacterial adsorption 
under high ionic strength conditions.

Column transport experiments confirmed that MSRB 
amendment significantly improved the filtration perfor-
mance of saturated sand. The E. coli removal efficiency 
increased from 17.8% in unamended sand to 94.1% in 
sand columns amended with 10% (w/w) MSRB. Numeri-
cal modeling using the 1D-BTE indicated a shift in the 
dominant retention mechanism with increasing biochar 
content. The relative magnitudes of the fitted coeffi-
cients suggest that physical straining was the numerically 
dominant modeled retention pathway at 0% and 5% w/w 
MSRB, while direct attachment became the dominant 
modeled mechanism at 10% w/w MSRB, demonstrated 
by a 13.4-fold increase in the attachment coefficient 
( katt ). Furthermore, the lack of observed detachment 
( kdet = 0 ) across all configurations implied that E. coli 
retention on MSRB was practically irreversible under the 
tested hydrodynamic conditions.

It is important to note that all experiments were con-
ducted under simplified laboratory conditions that may 
not fully represent natural field settings. Specifically: (i) 
sterilized quartz sand and simple KCl background elec-
trolyte were used; natural aquifer and soil matrices con-
tain dissolved organic matter, clay minerals, multivalent 
cations, and competing colloids that would modify both 
MSRB surface properties and E. coli transport behavior; 
(ii) a single E. coli initial concentration (~ 105 CFU mL−1) 
and flow rate (1  mL  min−1) were tested; (iii) fully satu-
rated upward-flow conditions were imposed, whereas 
natural vadose zone and soil environments may exhibit 

unsaturated or preferential flow conditions that reduce 
filtration efficiency; and (iv) no biofilm, aged or oxidized 
MSRB, natural organic matter, or competing microor-
ganisms were present. These laboratory-scale findings 
therefore constitute proof-of-concept evidence, and 
performance assessment under environmentally repre-
sentative conditions (including natural water chemistry, 
competing organic and inorganic matter, unsaturated 
flow, long-term column operation, and multiple patho-
gen types) is required before broader field application can 
be recommended. Furthermore, the column transport 
results reported here are based on single experimental 
runs per biochar application rate. Independent column 
replicates are recommended in future studies to provide 
formal statistical confidence in the observed removal effi-
ciency differences.

Overall, these findings highlight the potential of MSRB 
not only as a cost-effective solution for waste manage-
ment but also as a high-performance amendment for 
sand filtration systems aimed at mitigating groundwater 
contamination by pathogenic microorganisms. Future 
research should assess the long-term performance of 
MSRB-amended sand filters under variable environmen-
tal conditions and in the presence of co-contaminants.
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